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Abstract
Biological invasions may combine the genetic effects of population bottlenecks and
selection and thus provide valuable insight into the role of such processes during novel
environmental colonizations. However, these processes are also influenced by multiple
invasions, the number of individuals introduced and the degree of similarity between
source and receiving habitats. The amphipod Gammarus tigrinus provides a useful model
to assess these factors, as its invasion history has involved major environmental transitions.
This species is native to the northwest Atlantic Ocean, although it invaded both brackish
and freshwater habitats in the British Isles after introduction more than 65 years ago. It has
also spread to similar habitats in Western Europe and, most recently, to Eastern Europe, the
Baltic Sea, and the Laurentian Great Lakes. To examine sources of invasion and patterns
of genetic change, we sampled populations from 13 native estuaries and 19 invaded sites
and sequenced 542 bp of the mitochondrial COI gene. Strong native phylogeographical
structure allowed us to unambiguously identify three allopatrically evolved clades
(2.3 –3.1% divergent) in invading populations, indicative of multiple introductions. The
most divergent clades occurred in the British Isles and mainland Europe and were sourced
from the St Lawrence and Chesapeake/Delaware Bay estuaries. A third clade was found in
the Great Lakes and sourced to the Hudson River estuary. Despite extensive sampling,
G. tigrinus did not occur in freshwater at putative source sites. Some European populations
showed reduced genetic diversity consistent with bottlenecks, although selection effects
cannot be excluded. The habitat distribution of clades in Europe was congruent with the
known invasion history of secondary spread from the British Isles. Differences in salinity
tolerance among lineages were suggested by patterns of habitat colonization by different
native COI clades. Populations consisting of admixtures of the two invading clades were
found principally at recently invaded fresh and brackish water sites in Eastern Europe, and
were characterized by higher genetic diversity than putative source populations. Further
studies are required to determine if these represent novel genotypes. Our results confirm
that biological invasions need not result in diminished genetic diversity, particularly if
multiple source populations, each with distinctive genetic composition, contribute to the
founding populations.
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Introduction
Population bottlenecks associated with colonizations and
range expansions are expected to lead to stochastic loss of
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genetic variation (Nei et al. 1975) which can modify ecological
and evolutionary responses to environmental challenges
(e.g. see Parsons 1983; Hawley et al. 2006; but see Lee 2002).
Species invasions are ideal natural experiments in which
to investigate these responses as they may involve both
stochastic processes and the selection effects associated
with small founding populations and rapid and novel
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environmental transitions (Lee & Bell 1999; Sakai et al.
2001; Wares et al. 2005). Low genetic diversity in some
invasion studies is consistent with bottleneck and drift
effects (Barrett & Shore 1989; Tsutsui et al. 2000; Sakai et al.
2001) but the effect on establishment success and long-term
persistence is difficult to predict. For example, bottlenecks
may create opportunities for new allelic combinations,
converting genetic variation due to epistatic or dominance
interactions into additive genetic variation (Lee 2002;
Barton & Turelli 2004). Increased additive genetic variance
during invasion would increase heritable phenotypic
variation, providing fuel for evolutionary adaptation in
novel environments (Lee 2002). The likelihood of seeding
a population also may be greater for single, self-compatible
propagules than for multiple propagules that are selfincompatible (Baker 1967). Furthermore, the apparent
loss of diversity may be actually a consequence of native
population differentiation across habitats, such that only
specific genotypes survive new selective regimes (Bastrop
et al. 1998; Reznick & Ghalambor 2001; Lee 2002). For
example, Vasquez et al. (2005) identified salinity-dependent
invasion success of different genotypes in the common
reed Phragmites australis.
Surprisingly, a number of contemporary reviews of
both animal and plant species find little support for a loss
of genetic diversity associated with successful invasions
(see reviews in Lee et al. 2004; Novak & Mack 2005; Wares
et al. 2005). These patterns have been explained by high
propagule pressure, that is, the introduction of a large
number of individuals, as the effects of random genetic
drift are inversely related to the effective size of the
founding population size. High propagule pressure can
be achieved either through frequent introductions or by a
single introduction of a large number of individuals.
Multiple introductions reduce bottleneck effects as they
provide gene flow between source and destinations.
Multiple introductions from divergent source populations
can lead to admixture zones, which are characterized by
higher within-population genetic diversity compared to
source populations (Kolbe et al. 2004; Novak & Mack 2005;
Voisin et al. 2005). Admixture zones may lead to novel
genotypes that are more fit than parental genotypes in the
novel environment, thereby promoting accelerated rates of
evolution and range expansion (Ellestrand & Schierenbeck
2000; Wares et al. 2005).
The invasion of freshwater by estuarine and saltwater
species requires a major physiological transition that few
taxa have made (Lee & Bell 1999). Success of those species
that have made this transition over the past 200 years has
been attributed to new invasion vectors and pathways,
disturbance and pollution, and the absence of competition
(Lee & Bell 1999; Ricciardi & MacIsaac 2000; Reznick &
Ghalambor 2001). Invasions of freshwater by estuarine
and saltwater species should be accompanied by strong

selection; thus, genetic surveys in these systems provide an
excellent opportunity with which to identify mechanisms
underlying evolutionary change (Lee & Bell 1999; Lee 2002).
The objectives of this study were to use a molecular
phylogeographical approach to deduce invasion pathways
between source and introduced populations of the
amphipod Gammarus tigrinus, and to explore mechanisms
underlying ecological changes associated with transition
between divergent source and destination habitats.

Invasion history and expectations
Gammarus tigrinus, native to tidal estuaries of the northwest
Atlantic Ocean, is widely distributed from the St Lawrence
River in Quebec to the east coast of Florida, and occurs in
salinities up to 25 PSU (practical salinity units; Bousfield
1973; D. Kelly, personal observation). The amphipod also
has an extensive invasion history. G. tigrinus was first
reported in 1931 in England in fresh waters contaminated
by natural brine seepage (Sexton & Cooper 1939). However,
it was reported thereafter in purely freshwater sites in
Northern Ireland, leading Hynes (1955) to ascribe broad
physiological plasticity for its invasion success. In 1957,
1000 individuals were introduced from a brackish brine
lake in England to the salt-polluted River Werra, Germany,
ostensibly to replace native species that declined as a
consequence of pollution (Schmitz 1960; Fig. 1). The
population established and spread downstream to the
River Weser estuary in 1967, west to the Ems River estuary,
and east to the oligohaline Kiel Canal and western Baltic
Sea between 1975 and 1979 (Bulnheim 1980, 1985;
Jaﬂdﬂewski 1980). In 1960, a few dozen individuals
from freshwater Lough Neagh in Northern Ireland were
reportedly introduced to the freshwater Ijsselmeer, the
Netherlands to supplement fish feeding (Nijssen & Stock
1966; Fig. 1) after which, dispersal to inland fresh waters,
including the Rhine River system and east to the Ems
River, followed (Nijssen & Stock 1966; Pinkster et al. 1992).
An allozyme study showed differentiation between
Dutch and Weser-Werra populations, suggesting that these
secondary introduction waves resulted from populations
of different origins (Bulnheim 1985). However, close to the
German-Dutch border, the Ems River estuary population
was genetically intermediate between these groups,
suggesting the occurrence of gene flow (Bulnheim 1985).
More recently, G. tigrinus dispersed over a much greater
spatial scale, including throughout the freshwater Elbe
and Oder Rivers, and in the Baltic Sea in the Vistula
Lagoon and along the northern Finnish coast (Jaﬂdﬂewski
et al. 2002; Pienimaki et al. 2004). Finally, G. tigrinus invaded the Laurentian Great Lakes, first reported in sample
collections from 2002.
A study of native North American G. tigrinus populations identified two cryptic species, highly divergent
© 2006 The Authors
Journal compilation © 2006 Blackwell Publishing Ltd

M U L T I P L E F R E S H - A N D B R A C K I S H W A T E R I N V A S I O N S 3643

© 2006 The Authors
Journal compilation © 2006 Blackwell Publishing Ltd
Fig. 1 Collection sites of native and introduced Gammarus tigrinus populations assayed
for a 542-bp region of the mitochondrial COI gene. Sites in North America represent the
native range, except the two Great Lakes locations, where the species is introduced. All
British Isles and mainland European sites are introduced. Arrows indicate the putative
direction and timing of two separate introductions to mainland Europe from British Isles
populations, based upon anecdotal accounts (see text). Where available, dates of initial
discovery of invading G. tigrinus in a river system or locality are given for sites at which
samples were collected (see also Introduction).
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clades within the cryptic species, and largely allopatric
distributions in estuaries, thereby providing evidence
for strong barriers to dispersal (Kelly et al. 2006). Thus, we
expect that analysis of introduced populations should
reveal which source population and cryptic species contributed to invasions and the presence of multiple introductions if they involved several source populations. With
genetic drift and strong selection likely during invasion
and the transition to freshwater, we expect low withinpopulation genetic diversity in invading as compared
to source populations. However, this pattern may be
influenced by the size of founding populations and by
the occurrence of multiple introductions. Finally, putative
English and Irish source populations for secondary introduction to mainland Europe originated from brackish
and freshwater habitats, respectively. They were then
introduced and spread throughout different salinity
environments in Europe, raising the possibility of distinct
habitat-dependent dispersal in these lineages.

Materials and methods
The identification of source populations is hampered in
many studies by low sampling effort and/or insufficient
genetic structure in the native range. However, source
population identification is essential when establishing
a baseline for evolutionary change and for making
comparisons with genetic diversity in invading populations
(Wares et al. 2005). Therefore, it is essential that genetic
surveys should encompass the full native and introduced
range of a species. Gammarus tigrinus was collected from 19
sites throughout its entire invaded range in Europe and
the North American Great Lakes, and 13 estuarine sites
spanning its native range in North America (Table 1; Fig. 1).
The total number of individuals collected at each site
exceeded 30. A broad range of salinity habitats were
represented across sampled European sites (Table 1; values
> 0.5 PSU are brackish, Lee & Petersen 2002). Habitats were
defined as brackish if subject to natural brine seepage, salt
pollution, or if occurring in the low-salinity Baltic Sea. All sites
in the native range occurred in estuaries subject to tidal
fluctuation. All specimens were preserved in 95% ethanol
and genomic DNA was extracted as in Kelly et al. (2006).
A 542-bp fragment of the cytochrome c oxidase subunit
I gene (COI) was amplified using polymerase chain reaction
(PCR) with species-specific primers (forward primer
5′-TGCTTGAGCAAGTGCCTTAG-3′, reverse primer 5′CTCTAGGGTCAAAGAAGGAAG-3′) under conditions
described in Kelly et al. (2006). PCR products from 123
individuals from the introduced populations were sequenced
using the DTCS Quick Start cycle sequencing kit (Beckman
Coulter) and CEQ8000 automated sequencer, following
the manufacturer’s instructions. Sequence data for 143
native individuals were obtained from Kelly et al. (2006).

All sequences were aligned by eye using omiga 1.2 (Oxford
Molecular) and no insertions/deletions were found. Using
the same protocol, outgroup sequences were obtained for
another North Atlantic species, Gammarus daiberi, from the
Delaware estuary.
We assessed patterns of phylogeographical divergence
to identify source populations, the likelihood of multiple
independent introductions, and to determine the relationship between the distribution of invading populations
and habitat salinity. Divergence was assessed using the
neighbour-joining algorithm, with genetic distance calculated
as pairwise sequence divergence (Kimura 2-parameter
distance model) in mega 2.1 (Kumar et al. 2004). Nodal
support was calculated using 10 000 bootstrap pseudoreplicates. An additional test of phylogeny employed
maximum parsimony heuristic searches conducted in
paup* 4.0 (version 4.0b10; Swofford 2001) on all unique
haplotypes using the branch-swapping algorithm, treebisection–reconnection (TBR) with 100 random stepwise
additions. Branch support was obtained with 1000
bootstrap replicates.
We examined the genetic structure among and within
regions, habitat types and populations, using analyses
of molecular variance (amova; Excoffier et al. 1992), as
implemented in arlequin 2.0 (Schneider et al. 2000).
Pairwise sequence divergences were tested by partitioning
total variance into components analogous to F-statistics,
the significance of which were tested using 10 000 permutations of haplotypes between populations and an
alpha value of 0.05 (Schneider et al. 2000). We initially conducted separate amovas on populations in the native range
(northern species only; see Results) and for the introduced
European populations to characterize among- and withinpopulation genetic structure in each region. Two additional
amovas were conducted on invading European populations using an additional hierarchical grouping level.
In the first, the effect on genetic structure of presumed
invasion history and secondary dispersal in Europe was
assessed by grouping populations according to ‘invaded
region’ (British Isles populations vs. mainland European
populations; see Table 1). The second test assessed genetic
structure in relation to habitat salinity (freshwater vs.
brackish) for all invading European populations.
We used four estimates of genetic diversity to assess
the presence of population bottlenecks after introduction.
First, we assessed whether significant differences existed
in mean pairwise sequence divergence (p-distance; in mega)
within each population in Europe as compared to its
putative source population. In order to make valid comparisons, we accounted for two different putative source
regions. For example, European populations were characterized by two highly divergent clades (N1 and N4, see
Results) that sourced to geographically disjunct native
regions. Some European populations were monomorphic,
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Table 1 Gammarus tigrinus collection sites in North America and Europe with the number of individuals sequenced per population for the
COI gene. Brackets indicate final sample sizes after a preliminary analysis identified several putative source estuaries (see text).
Abbreviations denote populations in Figs 1 and 2. For habitat: E, estuarine/tidal; B, brackish; F, freshwater. For status: N, native;
I, invaded; SI, secondary invaded. Salinity values are those recorded at the time of collection
Abbreviation

N

Latitude

Longitude

St L
Mir.
St J
Ken.
Ber.
Paw.
Hud.
Del.
Poro.
Eliz.
Neuse
Coop.
Poley

25*
12
9
5
11
10
24*
30*
16*
40*
11
7
11

46.9
47.0
45.3
43.9
43.0
41.3
40.9
39.6
37.4
36.7
35.1
32.9
27.9

−70.5
−65.5
−66.2
43.9
−70.7
−71.8
−73.8
−75.5
−76.6
−76.2
−77.0
−80.0
−81.9

L.Ontario
L. Huron

5
8

43.8
43.6

−79.0
−83.8

< 0.5
< 0.5
1.7
1.0

L. Neagh
Bann
Salwarpe
Poulter

10
10
2
5

54.7
54.8
52.2
53.2

−6.5
−6.4
−2.1
−1.0

< 0.5
< 0.5
< 0.5
< 0.5
< 0.5
< 0.5
< 0.5
< 0.5
3.4
4.5
1.5
5.0
4.4

L. Gouw
Waal
Rhine
Mosel
Elbe
Mittel.
Oder By
Oder Br
Werra
Vist. Lag.
Baltic D
Baltic A
Baltic T

10
10
2
2
4
2
10
10
10
10
10
10
10

52.4
51.8
51.5
50.1
53.0
52.0
51.7
52.0
51.3
54.3
54.2
54.4
60.4

Location

Habitat

Status

Salinity (PSU)

St Lawrence estuary, Montmagny, Quebec
Miramichi estuary, New Brunswick
St John estuary, New Brunswick
Kennebac estuary, Maine
Berrys Creek, New Hampshire
Pawcatuck estuary, Rhode Island
Hudson estuary, New York
Delaware estuary, Deemers beach, Delaware
Poropotank estuary, Virginia
Elizabeth estuary, canal locks, Virginia
Neuse estuary, New Bern, N. Carolina
Cooper River, u/s Charleston; S. Carolina
Poley Creek, Florida
Great Lakes
Lake Ontario, Frenchman’s Bay, Ontario
Lake Huron, Saginaw Bay, Michigan
British Isles
Lough Neagh, Northern Ireland
Bann River, Northern Ireland
Salwarpe River, England
Poulter River, England
Mainland Europe
Lake Gouwzee, the Netherlands
R. Waal, Rhine, the Netherlands,
Rhine River, Germany
Mosel, nr Zell, Germany
Elbe River, Germany
Mittlelandkanal, Germany
Oder River, Bytom, Poland
Oder River, Brody, Poland
Werra River, Germany
Baltic Sea, Vistula Lagoon, Poland
Baltic Sea, Dierhagen Lagoon, Germany
Baltic Sea, Anleger Lagoon, Germany
Baltic Sea, Turku, Finland

E
E
E
E
E
E
E
E
E
E
E
E
E

N
N
N
N
N
N
N
N
N
N
N
N
N

6.5
16.0
4.1
8.5
16.0
11.2
7.8
5.0
10.0
10.2
14.2
20.0
4.0

F
F

I
I

< 0.5
< 0.5

F
F
B
B

I
I
I
I

F
F
F
F
F
F
F
F
B
B
B
B
B

SI
SI
SI
SI
SI
SI
SI
SI
SI
SI
SI
SI
SI

5.0
5.8
6.6
7.2
11.4
10.0
15.8
15.4
9.7
19.7
12.3
12.7
22.2

*denotes putative source populations where sample size was increased (see text).

that is, all individuals sequenced belonged either to clade
N1 or clade N4. The remaining populations comprised
sympatric admixture zones of individuals representing
both clades (see Results). In each European population where
N1 was monomorphic, genetic diversity was compared
with that in the St Lawrence River estuary, the putative
source of N1 (see Results). For each European population
wherein N4 was monomorphic, genetic diversity was compared with the populations in the Delaware, Poropotank
and Elizabeth estuaries, as any of these may have served as
a source of N4. Sample size in several introduced populations was small (n ≤ 5), and thus, only those populations
of n = 10 were used in these comparisons. For putative
© 2006 The Authors
Journal compilation © 2006 Blackwell Publishing Ltd

sources, we standardized n to 10 when calculating mean
p-distances, as their sample sizes were much higher. For
example, n in the St Lawrence, Delaware, Poropotank and
Elizabeth estuaries was n = 25, 30, 16, and 40, respectively.
Each source-introduced population comparison involved
a Monte Carlo-based rarefaction approach, in which mean
p-distance was recalculated for 5000 iterations using 10
randomly chosen individuals from the appropriate source
pool. A Monte Carlo approach was warranted as there is
no theoretical distribution of p-distances for standard
statistical analyses (Sokal & Rohlf 2003). Furthermore,
rarefaction and Monte Carlo sampling has been widely
employed in ecological studies of species diversity
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(Gotelli & Colwell 2001 and in genetic studies of allelic
diversity (e.g. see Kalinowski 2004; Petit et al. 2005). In each
comparison, we tested the null hypothesis that within
population genetic diversity (mean p-distance) in the
introduced population was not significantly different than
that in its putative source (s). We assessed significance of
the contrast at alpha = 0.05 by calculating the proportion of
iterations in which the mean p-distance of the resampled
source population was greater than or equal to the p-distance
from the introduced population. For each introduced
population, we employed a Bonferroni adjustment to account
for contrasts involving multiple sources (Sokal & Rohlf
2003). For example, four contrasts of genetic diversity were
made for introduced populations that were admixtures of
the two clades (see Results), one with the St Lawrence estuary (N1 putative source) and three involving comparisons
with the Delaware, Poropotank and Elizabeth estuaries
(N4 putative sources).
The remaining three indices of genetic diversity for the
same populations involved qualitative contrasts, and
these were (i) haplotype diversity (H ), (ii) the number
of segregating sites, that is, the number of nucleotide
differences [theta θ(S); Tajima 1983], and (iii) the average
number of pairwise differences [theta θ(3); Tajima 1983].
Haplotype diversity was standardized for putative source
populations to n = 10 using the program rarefac
(Petit et al. 1998). Theta (S) and theta (3) were calculated
in arlequin.

Results
While our analysis used sequence data for native Gammarus
tigrinus populations from our previous study (see Kelly
et al. 2006), we sequenced a further 85 individuals from a
subset of these native estuaries (see Table 1). We did this
because sample size can limit identification of source regions
in molecular studies of invading species (Wares et al. 2005),
and because a preliminary phylogenetic analysis showed
that a few haplotypes of shared ancestry in introduced
European and Great Lakes’ populations were found in
more than one native estuary (see below).
Of the 542-bp region of the COI gene aligned for 351
assayed individuals, we identified 64 haplotypes and 127
polymorphic sites, of which 117 were parsimoniously
informative. A novel haplotype in the Great Lakes, and
two that were widely distributed in Europe, were not found
in any individuals from the native region. In the neighbourjoining analysis, inclusion of additional sequences from
native populations and those from introduced populations did not change the phylogenetic relationships
detected in our previous study of native populations
(Kelly et al. 2006). That is, there were cryptic northern and
southern species with the former composed of four largely
geographically separate clades (Fig. 2). Parsimony analysis

identified a similar overall topology but with higher branch
support for the separation of clades N1/2 from N3 (100%,
not shown). The distribution of haplotypes in introduced
populations in Europe and the Great Lakes matched exactly
or shared similar ancestry to three clades (N1, 3 and 4)
drawn only from the ‘northern’ species in the native range
(Fig. 2). These clades were highly divergent, with the most
divergent and geographically disjunct being N1 and N4;
both of these clades also occurred in the British Isles and
Europe (Figs 2 and 3). The NI clade was represented by
nine haplotypes which occurred in five estuaries in the
native range, although none of the haplotypes were shared
among estuaries (Fig. 2). Only a single haplotype from
the N1 clade was present in invading populations. This
haplotype was found in both English sites and in eastern
mainland Europe. This haplotype was found only at the
northern extent of our native survey in the St Lawrence
estuary, and is referred to hereafter as N1 (Figs 2 and 3).
Five haplotypes (N4a–e) represented the N4 clade in its
invaded range throughout Ireland and mainland Europe
(Figs 2 and 3). Only three of these haplotypes (N4a–c) were
found in the native range, and they were sourced to the
Delaware, Poropotank and Elizabeth estuaries. However,
additional sequencing of individuals from these sites (n = 30,
16 and 40, respectively) failed to recover the two unique
introduced haplotypes N4d and N4e.
Clades N1 and N4 appeared to have different habitat
distributions in Europe (see also amova below). Clade N1
occurred in allopatry only in four brackish water habitats:
two in England, the River Werra, and in Anleger Lagoon of
the Baltic Sea (Table 1; Fig. 3). Clade N4 occurred in allopatry in seven freshwater sites: two in Northern Ireland, one
in Lake Gouzee (part of the IJsselmeer, the Netherlands),
and four throughout the Rhine system and Mittelandkanal
(Germany). Both clades were present in sympatric
admixture zones at the remaining six sites, which spanned
both fresh and brackish water habitats (Table 1; Fig. 3).
Populations at these sites had very high mean sequence
divergence (3.4%). The North American Great Lakes
populations were represented by a third divergent clade
(N3). A single haplotype was dominant in this system and
was sourced to the Hudson and St Lawrence River estuaries
(Figs 2 and 3). Additional sequencing (n = 25 St Lawrence
estuary; n = 24 Hudson estuary) failed to recover a unique
N3 haplotype in an individual from Lake Huron that
differed by a single base substitution.
As only clades from the northern G. tigrinus species were
introduced, all amovas excluded the southern species. In
the native region, 67.5% (P < 0.0001) of the total genetic
variation occurred among populations, with the remainder within populations. In contrast, invading populations
of British Isles/European regions exhibited lower amongpopulation genetic variation (54.1%, P < 0.0001) and higher
within-population variation (45.9%). This difference was
© 2006 The Authors
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Fig. 2 Neighbour-joining tree of Gammarus
tigrinus COI haplotypes from populations
across the northwest Atlantic coast (nodal
support with 10 000 bootstrap pseudoreplicates). Black boxes designate native
haplotypes which are identical to those in
introduced populations (white boxes) and,
thus, putative source sites. Introduced
populations in Europe comprise two deeply
divergent clades (N1 and N4a, b, c) of the
four that occur in the northern species
(i.e. N1–4). Of the N4 clade, haplotypes N4d
and N4e are unique to several European
populations but cluster with N4a (dashed
boxes). Introduced populations from the
Great Lakes derive from a single haplotype
in a separate divergent clade (N3). One
individual in Lake Huron is unique but
clusters with the putative source populations
(dashed box).
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Fig. 3 Distribution of introduced Gammarus tigrinus populations and their putative source
regions identified from the phylogeographical analysis of COI (see Fig. 2). Pie charts
indicate haplotype frequencies in each of four clades. Invading European populations
come from two deeply divergent clades, N1 and N4; these occur in geographically disjunct
source regions but coexist as admixtures in six of the 17 invaded European sites. Several
native estuaries have haplotypes within the N1 clade but the specific N1 haplotype that is
invasive in Europe occurs only in the St Lawrence estuary (see Fig. 2); pie charts show only
the invasive N1 clade haplotypes to avoid confusion. Introduced populations in the Great
Lakes represent a third clade, N3. Sites of freshwater invasion are indicated by ‘F’. The
proportion and number of haplotypes that are private to putative source regions are
indicated in grey fill. Open circles with year and abbreviation indicate timing of new
invasions of G. tigrinus in the eastern Baltic coast but which were not surveyed for COI (see
text). PB, Puck Bay; CL, Curonian Lagoon; GR, Gulf of Riga.
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Table 2 Contrasts of genetic diversity (Monte Carlo rarefaction estimate, see text) between putative source and introduced European
populations (n = 10 per population). Values in bold and underline indicate contrasts where genetic diversity is significantly lower or higher,
respectively, in native regions as compared to invading populations. Significance was assessed after Bonferroni adjustment (see text)
Mean sequence divergence
Introduced
population
(n = 10)

N1 source

N4 source (s)

Clade(s)
present

Introduced
population

St Lawrence

Elizabeth

Delaware

Poropotank

Werra
Baltic, Anleger
L. Neagh
R. Bann
L. Gouwzee
Waal
Baltic, Dierhagen
Oder, Bytom
Oder, Brody
Vistula Lagoon
Baltic, Turku

N1
N1
N4
N4
N4
N4
N1 & N4
N1 & N4
N1 & N4
N1 & N4
N1 & N4

0.0000
0.0000
0.0007
0.0037
0.0011
0.0004
0.0197
0.0199
0.0179
0.0070
0.0204

0.00723***
0.00715***
—
—
—
—
0.00720***
0.00700***
0.00712***
0.00712 NS
0.00710***

—
—
0.0087***
0.0087*
0.0087***
0.0086***
0.0087***
0.0087***
0.0086***
0.0087 NS
0.0086***

—
—
0.0120***
0.0120***
0.0120***
0.0119***
0.0120***
0.0120***
0.0120***
0.0120*
0.0120***

—
—
0.0035**
0.0035 NS
0.0035**
0.0034**
0.0034***
0.0034***
0.0034***
0.0034***
0.0034***

***P < 0.001, **P < 0.01, *P < 0.05; NS, not significant.

likely driven by the highly divergent clade admixture
populations; thus, amova was repeated using only
monomorphic populations. As expected, a much larger
proportion of genetic variation was then explained among
populations (94.5%, P < 0.0001). In the amova to assess a
regional effect between the British Isles and mainland
Europe, a negative variance component and the percentage variation explained (−10.28%, P = 0.66) indicated that
genetic structure was absent at this level (arlequin
webpage: http://lgb.unige.ch/arlequin/software/2.000/
doc/faq/faqlist.htm). However, the amova to assess the
effect of habitat salinity in Europe revealed significant
genetic structuring (38.2%, P < 0.01) between freshwater
and brackish sites.
Two main patterns arose in contrasts of genetic diversity
between putative sources and introduced European populations, and not surprisingly, were dependent on whether
clades N1 or N4 occurred in allopatry or as admixtures.
With one exception (Poropotank vs. River Bann), in introduced populations in which N1 or N4 clades were monomorphic, mean sequence divergence was significantly
lower than that in either putative source region (Table 2).
A similar pattern was evident in haplotype diversity, the
number of segregating sites, and the average number of
pairwise differences (Table 3). Given that clades N1 and
N4 were highly divergent, it was not surprising that admixture populations were significantly more diverse (mean
p-distance) than either of their putative sources. An exception was the Vistula Lagoon, ostensibly due to the low
frequency of N1 haplotypes (Fig. 3). Invading populations
that were admixtures of N1 and N4 generally had higher
haplotype diversities, numbers of segregating sites, and
© 2006 The Authors
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Table 3 Population diversity indices (see text) for invading and
putative native source areas for the two divergent clades N1 and
N4

Site

Invaded (I)
or native (N)
source
population

Clade

H

θ (S)

θ (3)

Elizabeth
Delaware
Poropotank
L. Neagh
R. Bann
L. Gouwzee
Waal
St Lawrence
Werra
Baltic Anleger
Baltic Dierhagen
Oder Bytom
Oder Brody
Vistula Lagoon
Baltic Turku

N
N
N
I
I
I
I
N
I
I
I
I
I
I
I

N4
N4
N4
N4
N4
N4
N4
N1
N1
N1
N1 & N4
N1 & N4
N1 & N4
N1 & N4
N1 & N4

0.919
0.784
0.600
0.378
0.511
0.200
0.200
0.347
0.000
0.000
0.733
0.778
0.778
0.200
0.711

4.54
5.87
1.86
0.70
2.12
1.06
0.35
3.70
0.00
0.00
6.71
7.07
7.06
6.36
7.07

6.43
4.66
1.85
0.40
1.97
0.58
0.20
3.72
0.00
0.00
10.06
10.15
10.15
3.60
10.40

average number of pairwise differences as compared to
the putative St Lawrence source. However, comparisons
of admixture populations with each of the putative source
estuaries for the N4 clade had mixed results. Haplotype
diversity in invading admixture populations was higher
than in the Poropotank estuary, similar to that in the
Delaware estuary, and lower than that in the Elizabeth
estuary (Table 3). The high number of private haplotypes
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present in the latter two estuaries may explain this pattern
(see Fig. 3). Nevertheless, additional measures of population genetic diversity [θ(S); θ(3)] were largely higher in
admixture populations as compared to each of the putative
N4 source populations.

zones are consistent with reports of intentional seeding of
the species in the Dutch IJsselmeer and the German River
Werra from Ireland and England, respectively, and their
subsequent spread from these sites (Schmitz 1960; Nijssen
& Stock 1966).

Discussion

Genetic bottlenecks with invasion?

Sources and pathways of independent invasions
Genetic differences among allopatric, native populations
should provide opportunities to discern the source of
introduced populations, as well as whether founding
populations have been derived from single or multiple
sources. Our study identified at least three independent
invasions, sourced from geographically and genetically
distinct populations. The NI clade occurred in England
and in Eastern Europe, and was sourced to the St Lawrence
estuary. This pattern is consistent with a pre-1931 ballast
water transfer to brackish habitats of western England
(see Hynes 1955), with subsequent dispersal throughout
brackish and tidal waters after transfer to the German
Werra system (Schmitz 1960; Fig. 1). The N4 clade was
distributed in Ireland and Europe, and was sourced to the
Delaware/Chesapeake Bay region. The co-occurrence of
haplotypes N4a and N4b in Ireland and in the Delaware
estuary supports the latter as the most parsimonious source
of this introduction, although the Elizabeth and Poropotank
estuaries cannot be excluded (Fig. 3). Additionally,
haplotypes N4d and N4e — which were found in Ireland
but not in any native estuaries — grouped close to those
from the Delaware estuary, differing by a single basepair substitution from N4a and providing further support
of a Delaware source (Fig. 2). The four N4 haplotypes that
were found in Ireland also occurred throughout Europe,
corroborating the species’ spread from Ireland after their
introduction to Dutch fresh waters (Nijssen & Stock 1966;
Pinkster et al. 1992; Fig. 1). The third clade N3, which
occurred in the Great Lakes, was sourced to the Hudson
and St Lawrence estuaries (Figs 2, 3). However, in the
St Lawrence estuary, haplotypes from the N3 clade cooccurred with those of the N1 clade. Kelly et al. (2006)
showed that this distribution was geographically disjunct
since several native populations that grouped within
the N3 clade occurred in the mid-Atlantic region. This
supported a probable introduction to the St Lawrence
estuary from the Hudson (Kelly et al. 2006). Considering
that the St Lawrence River is the main navigational
corridor to the Great Lakes, it is likely that the St Lawrence
River served as the donor region in a secondary invasion
from the Hudson (see Holeck et al. 2004).
The co-occurrence in Europe of haplotypes from
geographically and genetically distinct North American
clades indicates multiple introductions. These admixture

We found significantly lower genetic diversity in invading,
monomorphic N1 and N4 populations of Gammarus tigrinus
as compared to their putative sources (Tables 2,3). Genetic
bottlenecks are commonly reported in studies of colonizing
species, either because low founding population size
predisposes the species to drift effects or because of intense
selection in the novel environment (e.g. Tsutsui et al. 2000;
Sakai et al. 2001; Hawley et al. 2006). It should be noted,
however, that low neutral genetic diversity commonly
reported in invasion genetic studies may not be indicative
of the high additive genetic variation that underlies
adaptive phenotypic traits (Lee 2002; Barton & Turelli
2004). For example, Lindholm et al. (2005) showed that in
introduced guppy Poecilia reticulata populations, low
genetic diversity in mitochondrial and microsatellite
markers was contrasted by high additive genetic variance.
Similarly, Loh & Bitner-Mathe (2005) found that, despite a
population bottleneck, a large amount of additive genetic
variation for wing size and shape was retained in the fruit
fly Zaprionus indianus after invasion of Brazil from Africa.
Wing morphology–latitude correlations are considered
adaptive in fruit flies; thus, Loh & Bitner-Mathe (2005)
suggested that such high additive variation facilitated the
species rapid and broad latitudinal distribution in South
America.
Despite a loss of neutral genetic diversity in the invading
G. tigrinus in Europe, we also detected population admixtures which displayed elevated genetic diversity relative to
source estuaries. For example, while haplotype diversity
for admixture populations at Dierhagen, Germany, Turku,
Finland, and two sites in the Oder River, Poland, were
similar to those in the Delaware and higher than those in
the St Lawrence River, other measures of diversity were
consistently higher in the introduced populations (Tables 2
and 3). These findings are similar to the increased neutral
genetic diversity in invading populations of brown anole
lizards Anolis sagrei (Kolbe et al. 2004) and of brown algae
Undaria pinnatifida (Voisin et al. 2005). Both studies suggested that admixture and the subsequent redistribution of
genetic variation from among populations in the native
range to within populations in the introduced range was
important to invasion success. However, correlating neutral
genetic diversity with a population’s ability to adapt to
future environmental change is tenuous at best (Lee 2002).
Detailed historical, ecological and genetic data for the
G. tigrinus invasion of Europe support the hypothesis that
© 2006 The Authors
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increased genetic diversity associated with multiple introductions from genetically divergent sources has accelerated their range expansion and habitat distribution (see
Ellestrand & Schierenbeck 2000; Lee 2002). For example,
N1 and N4 admixture populations were distributed across
both brackish and freshwater habitats, unlike monomorphic populations of either clade. Historical data also show
that prior to contact, lineages N1 and N4 each had more
restricted ranges. Dutch and German populations were
allopatric and highly divergent at allozyme markers
(presumably clades N4 and N1) during 1975 through 1983
(Dieleman & Pinkster 1977; Bulnheim 1985). In 1981, allozyme markers showed an admixture in the Ems estuary
near the Dutch–German border (see Bulnheim 1985)
providing the first evidence that contact and gene flow
may have occurred. By 1987, G. tigrinus had spread east of
the Werra River and of the western Baltic Sea (Tittizer et al.
2000). Within 15 years, it occurred from the Oder River to
the Gulf of Riga and northern Finnish Baltic region (Zettler
1998; Szaniawska et al. 2003; Pienimaki et al. 2004; J. Kotta,
personal communication; M. Zettler, personal communication; see also Fig. 3). This dispersal rate was over twofold
greater than that attained in the previous 27– 30 years,
during which the clades were strictly allopatric. The
observed increase in dispersal rate is unlikely to be due to
increased dispersal routes as most canals were constructed
long before the species established in mainland Europe
(see Jaﬂdﬂewski 1980). Indeed, other studies suggest that
evolutionary change and resulting range expansion may
be dependent on gene flow through multiple introductions
of individuals from genetically diverse sources (Villablanca
et al. 1998; Kolbe et al. 2004; Voisin et al. 2005). However, in
these situations it is unclear whether multiple introductions have stimulated invasiveness after colonization or
merely represent additional introductions in new areas
(see Ellestrand & Schierenbeck 2000). Genetically divergent, introduced European lineages were restricted to
fresh or brackish water habitats in allopatry but in contact
zones they occurred in both habitat types. It will be interesting to determine whether this process has generated
novel genotypes and hence novel adaptations. This could be
achieved through assessment of cytonuclear disequilibrium
indicative of reproductive isolation between the mitochondrial lineages (sensu Asmussen et al. 1987). Crossbreeding
experiments between the two parental clades, together
with common garden experiments, could then assess if the
salinity distribution resulted from adaptive changes.

Environmental transitions during invasion
Unlike many invasions in which species move between
similar habitats in native and introduced regions, the
transition experienced by G. tigrinus moving from estuarine,
native habitats to freshwater habitats should have
© 2006 The Authors
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predisposed individuals to withstand substantial osmotic
stress. Such acclimation may have resulted in a stronger
selection pressure than that in other invasions in which the
environmental change may be much less extreme (see Lee
& Bell 1999; Reznick & Ghalambor 2001). Furthermore, the
loss of genetic diversity during the first invasion (North
America to Ireland) followed by a second invasion (Ireland
to Europe) associated with no loss in genetic diversity is
perhaps best explained by a founder effect compounded
by selection effects during the first colonization event.
As Lee (1999) demonstrated, low survival and strong
directional selection for freshwater tolerance accompany
estuarine to freshwater transitions. Freshwater invasion
in Ireland was probably facilitated by a large initial
propagule supply (from ships’ ballast; see Hynes 1955)
providing sufficient numbers and additive genetic
variation to allow severe selection losses in the newly
established population. The possibility that mainland
European populations were sourced directly from North
America is discounted by documented introduction of
G. tigrinus from Ireland to Europe, its subsequent spread,
and the observed molecular patterns in this study.
Our data suggest that several independent lineages have
breached freshwater during invasion. However, native
populations of euryhaline species may vary in salinity distribution or even occur as cryptic freshwater populations
(e.g. Bastrop et al. 1998; Lee & Petersen 2002). To assess this
possibility, we collected additional data on the salinity
distribution of putative source estuarine populations. We
sampled across a salinity gradient in the Delaware estuary
(N4 clade) in June and December 2004, and found G. tigrinus
only in waters between 3.6 and 18.0 PSU, and never at
freshwater sites (salinity < 0.5 PSU). Likewise, Palmer
& Ricciardi (2004) showed that G. tigrinus (N1 clade) was
absent from freshwater sections of the St Lawrence River.
The species was also absent in archived Great Lakes’
samples (Barton & Hynes 1976) which we have examined.
Furthermore, all individuals except one in introduced
populations in the Great Lakes had the same N3 haplotype
as native populations, a pattern inconsistent with deeper
levels of divergence expected in a more ancient colonization (see Lee 1999). Collectively, these data support recent
freshwater invasions, similar to the independent invasions
of freshwater in the estuarine copepod Eurytemora affinis,
though they involve different mechanisms (Lee 1999). For
example, the range expansion of E. affinis into fresh water
occurred either within the same drainage, or during acclimation when formerly saline habitats became impounded
(see Lee & Bell 1999; Lee 1999). With the exception of the
Great Lakes, G. tigrinus invasions occurred between continents and likely involved a more intense selective regime
after ballast water discharge. However, the extent of selection effects on the evolution of populations may be lineage
and habitat-dependent (e.g. Lee 1999; Vasquez et al. 2005).
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This is partially supported in the G. tigrinus invasion of
Europe where populations monomorphic for clades N1
and N4 had different habitat salinity associations. Furthermore, populations that were presumably monomorphic
for the N1 clade were not observed in freshwater, and
despite its rapid spread throughout the salt-polluted Werra
River, populations declined under low-salinity regimes
(see Ruoff 1968; Jaﬂdﬂewski 1980). Although this suggests
lineage variation in adaptation, the history of introduction
alone is congruent with the allopatric distribution of clades
N1 and N4 between the two habitat types. That is, N1 was
intentionally spread to a brackish site in mainland Europe
from a similar habitat in England, whereas N4 was intentionally transferred to a freshwater site in mainland
Europe from a similar habitat in Ireland. To test this, salinitytolerance experiments are needed for populations from
each clade.
Our study highlights a need to incorporate ecological
and genetic analyses at the population level and over the
full native range of a species when examining the processes
associated with novel environmental transitions. As well,
recognition of ecological differences among populations
(e.g. Lee & Bell 1999) should be an important consideration
in predicting future spread of introduced species, particularly for studies that utilize environmental niche modelling.
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